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a b s t r a c t

Antidepressants (ATDs) have negative impacts on the ecosystem and have been detected globally in con-

centrations ranging from approximately 0.17ng/L to 4237ng/L in municipal wastewater treatment plant

influent. However, the removal of ATDs by biological methods is still unsatisfactory at present, due to the

extremely complex removal pathway and various removal processes for different ATDs. Therefore, there

is an urgent need for a systematic compendium to help people understand the biodegradation process

of ATDs. This work provides an overview of the classification, physicochemical properties, and environ-

mental sources of ATDs; systematically reviews the adsorption behaviors and transformation processes

of various ATDs during biological treatment; examines the removal efficiency, degradation mechanisms,

and critical operating conditions of bioreactors; and discusses the mechanism of ATD adsorption and re-

moval by extracellular polymers secreted by microbial cells during the biological treatment of municipal

wastewater. This work clarifies the evolution of different types of ATDs during municipal wastewater bi-

ological treatment and proposes future research avenues for the more efficient removal of ATDs.

© 2026 Published by Elsevier B.V. on behalf of Chinese Chemical Society and Institute of Materia

Medica, Chinese Academy of Medical Sciences.

1. Introduction

The increasing prevalence of depression worldwide has led to

a higher demand for medication among individuals afflicted with

this condition [1–5]. There has been a rise in the global consump-

tion of antidepressants (ATDs) due to the prolonged dosing reg-

imens associated with these medications [4,6–10]. Unfortunately,

most of the ingested ATDs will not be absorbed and excreted

in the urine and feces as the parents or pharmaceutically active

metabolites, which are released along with sewage into munici-

pal wastewater treatment facilities and the aquatic ecosystem [11–

15]. Recent studies have demonstrated that conventional wastewa-

ter treatment processes do not completely eliminate ATDs, result-

ing in the persistence of substantial quantities of ATDs and their

metabolites in the effluent discharged from wastewater treatment

plants [16,17]. For instance, citalopram was found in the effluent

of a Brazilian wastewater treatment plant at a concentration up to
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1136ng/L [18]. The presence of incomplete ATDs degradation and

their metabolites in wastewater exhibits high biological activity,

and the continued presence of these compounds may contribute

to the development of tolerance and adaptive responses in aquatic

organisms. The prolonged exposure to low levels of such pollu-

tants may impact the growth and reproduction of various aquatic

organisms (such as fish and shrimp), disrupt aquatic ecosystems

[19], and pose potential threats to non-target organisms and hu-

man health [15,20]. Addressing the efficient and environmentally

friendly removal of antidepressant-type pollutants from municipal

wastewater remains a significant challenge.

Although biological treatment technology is the most widely

used method for municipal wastewater treatment, conventional

biological treatment is generally ineffective in removing ATDs [12].

Laboratory and pilot studies have indicated that bio-adsorption

[21–25] and biodegradation [26,27] are the primary methods for

ATDs removal from wastewater. However, biological treatment

is an extremely complex system with highly diverse microbial

communities and exhibits highly nonlinear characteristics, the

pathways and mechanisms of ATD removal in biological treatment

systems remain poorly understood to date. In some cases, the

https://doi.org/10.1016/j.cclet.2025.112038
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concentration of ATDs in the effluent may exceed that in the

influent at wastewater treatment plants [16,18,28,29], posing a risk

of discharging high levels of ATDs into the environment through

sewage and sludge disposal [30]. Some studies on the occurrence

and transformation of antidepressants in wastewater treatment

plants also revealed negative ATDs removal rates [21,31]. These

reports underscore the urgency of a comprehensive understanding

of the ATD biological removal process and the influence factors

intending to improve the efficiency of ATD removal.

This review intends to provide a comprehensive overview of

the research progress on biological ATDs removal in wastewa-

ter treatment plants, with the aim of exploring the evolution of

antidepressant-type pollutants. The removal of ATDs in the biolog-

ical wastewater treatment is discussed over the adsorption pro-

cess, the biodegradation pathway and mechanism, as well as the

key influence factors, degradation intermediates and ecotoxicity.

This work not only calls for more attention to the antidepressant-

type pollutants removal in wastewater treatment, but also pro-

poses more beneficial and systematic sights on the ATDs removal

in biological wastewater treatment process.

2. Properties of antidepressants

2.1. Classification of antidepressants

According to the structure and function, ATDs can be classi-

fied as selective serotonin reuptake inhibitors (SSRIs), serotonin-

norepinephrine reuptake inhibitors (SNRIs), tricyclic antidepres-

sants (TCAs), monoamine oxidase inhibitors (MAOIs), and atypical

antidepressants [12,32]. Among these, SSRIs as the most commonly

prescribed drugs worldwide are frequently detected in water en-

vironments [4,12,31,33,34]. The increased utilization of SSRIs and

the imperative for prolonged therapeutic intervention imply their

augmented susceptibility to environmental exposure. Some studies

have confirmed that SSRIs and their active metabolites are detected

in the aquatic environment with significantly higher frequencies

and concentrations compared to other types of ATDs [31,35–38].

Given the extensive range of ATDs, some of the most commonly

used ATDs were selected as the representative samples for subse-

quent analysis in this work, considering their usage or severity of

the environmental contamination situation. By these means, sev-

eral common ATDs were preferentially selected for further discus-

sions, such as antidepressants in the SSRIs class: citalopram (CIT),

fluoxetine (FLU), sertraline (SER); antidepressants in the SNRIs

class: venlafaxine (VEN); and antidepressants in the TCAs class:

amitriptyline (AMI).

2.2. Physicochemical properties of antidepressants

The physicochemical properties of ATDs determine their envi-

ronmental behaviors. The different structures of ATD molecules re-

sult in their distinct physicochemical properties, such as solubil-

ity, dissociation constants, lipophilicity, and the octanol-water par-

tition coefficient, playing a dominant role in determining their en-

vironmental behaviors. The removal pathway of a certain ATD from

water— whether through biological (biodegradation) or nonbiolog-

ical (adsorption, photolysis, volatilization, etc.) processes— is pri-

marily depended on their physicochemical characteristics. It is cru-

cial to have a clear understanding on the physicochemical proper-

ties of typical ATDs in order to effectively control their pollution.

Detailed information on the physicochemical properties of several

common ATDs is presented in Table 1. Most ATDs exhibit lipophilic

properties with pKa values ranging from 9.16 to 10.05, which may

result in their precipitation from water and subsequent adsorption

into the sludge. Common SSRIs typically have relatively high wa-

ter solubilities and low octanol-water partition coefficients, with

logKow values ranging from 1.22 to 1.39. However, they tend to ad-

sorb more easily to particulate matter in soils and sediments, as

indicated by logKoc values ranging from 4.17 to 5.63, suggesting

that they are persistent in the environment. It is worth mention-

ing that most of the ATDs display weak alkalinity, existing in water

primarily in a neutral form at high pH and in an ionic form at low

pH. Consequently, their accumulation in aquatic organisms is in-

fluenced by the pH of water, which can result in discrepancies be-

tween their expected and actual accumulation, affecting their par-

titioning behavior and potentially altering their toxicity. A signifi-

cant future research avenue is the development of methods for the

straightforward identification or prediction of the potential states

and reactions of ATDs in their environmental context, based on

their physicochemical properties, through the application of ma-

chine learning.

3. Sources and contamination levels of antidepressants

The potential sources and inflow pathways of ATDs in the en-

vironment, as well as the environmental acceptors, are illustrated

in Fig. 1. Municipal and medical wastewater are identified as pri-

mary sources of ATDs and their metabolites in aquatic environ-

ments [18], which may be related to consumption, social economy

and regional heterogeneity. ATDs have been detected in municipal

wastewater treatment plants, as well as in wastewater treatment

plants at hospitals and pharmaceutical factories, with concentra-

tions ranging from nanograms per liter to micrograms per liter

[19,39]. It has been reported that SSRIs are the ATDs with the high-

est detection frequency in aquatic environments in recent years

[31,37,38]. The determination of ATDs in wastewater and sludge

is performed as follows: Wastewater is filtered and pH adjusted

to acidic, and the target drugs are enriched by solid phase ex-

traction; sludge is freeze-dried and ground, and then ultrasonica-

tion or accelerated solvent extraction is used to release the ad-

sorbed drugs, and then solid phase extraction or QuEChERS is used

to remove matrix interferences. The final analysis was performed

by liquid chromatography-tandem mass spectrometry (LC-MS/MS)

with high sensitivity, combined with the internal standard method

and spiked recovery assay to ensure accuracy, and the limit of de-

tection was up to the level of ng/L (for water samples) or ng/g (for

sludge).

The removal efficiency of ATDs in wastewater treatment plants

was relatively insufficient, leading to elevated concentrations

of ATDs in the effluents. Table 2 presents the most frequently

detected concentrations of ATDs in the influent and effluent of

wastewater treatment plants and in surface water across various

countries [16,18,21,28,29,39–58]. In this paper, the data screening

criteria for ATDs influent and effluent in wastewater treatment

plants are articles with clear data sources in the past ten years,

regional representativeness, and representative drug types. The

data presented in Table 2 indicate that certain ATD concentrations

in Brazilian surface water were comparatively higher than those

in other countries. For instance, the highest concentration of CIT

detected in Brazilian surface water was 520ng/L [18], whereas

the lowest ATD concentrations were detected in surface water in

China, with the lowest detected concentration of VEN at 0.32ng/L

[39] and the lowest detected concentration of FLU at 0.5 ng/L [40].

The highest concentration of ATDs in the influent of wastewater

treatment plant was recorded for CIT in Denmark with a con-

centration of 4237ng/L [41], while the lowest concentration was

recorded for FLU in China with a concentration of 0.17ng/L [42].

The highest concentration of ATDs in the effluent of wastewater

treatment plant was reported in Brazil with CIT concentration at

1136ng/L [18], and the lowest concentration was found in China

with AMI concentration at 4.7 ng/L [43]. These wastewaters con-

taining incompletely removed ATDs are discharged into the aquatic

2
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Table 1

Physicochemical properties of selected ATDs.

Compound CAS Number Structural formula MW pKa LogP logKow logKoc Solubility (mg/mL) Elimination half-life

Amitriptyline

(AMI)

50-48-6 277.409 9.49 4.926 4.92 / 9.71e-3 25 h

Citalopram

(CIT)

59729-33-8 24.398 9.38 3.76 1.39 5.63 15.46 35 h

Fluoxetine

(FLU)

54910-89-3 309.331 10.05 4.05 1.22 4.65 14 1-3 d

Sertraline

(SER)

79617-96-2 306.235 9.16 5.51 1.37 4.17 3.8 26 h

Venlafaxine

(VEN)

93413-69-5 277.407 9.50 2.829 3.20 / 572 5±2 h

Data obtained and calculated from PubChem (https://pubchem.ncbi.nlm.nih.gov/).

Fig. 1. Potential sources and fate of ATDs in the environment.

environment and may lead to the contamination of surface water

[31]. The study showed a significant positive correlation between

the concentration of ATDs in surface water and the concentration

of ATDs in the influent/effluent of wastewater treatment plants

[31]. Despite the considerable dilution of ATDs by rivers, which

results in significantly lower concentrations in surface water com-

pared to effluent from wastewater treatment plants, the potential

risk they represent to ecological safety should not be overlooked.

There is also a significant difference in the concentration of in-

fluent and effluent at wastewater treatment plants under different

seasons. For instance, the concentration of ATDs in the summer in-

fluent at a wastewater treatment plant in Iran was considerably

higher compared to that in autumn. Specifically, the concentration

of VEN in the autumn influent of the wastewater treatment plant

ranged from 22.28ng/L to 29.04ng/L, while it exhibited an approxi-

mately 20-fold increase from 209.69ng/L to 566.93ng/L in summer

[16]. Seasonal variations in ATD concentrations in the effluent were

observed as well, indicating a correlation between both environ-

mental ATD concentrations and the microbial degradation capabil-

ities of ATDs with seasonal changes [44,45]. The factors influencing

these phenomena may include temperature and precipitation [46],

and further detailed research is required to clarify this point. Un-

derstanding the fluctuations in ATD concentrations in both influent

and effluent across different seasons is crucial for preventing and

managing environmental contamination by these substances.

4. Removal pathways and ecotoxicity of antidepressants during

the biological treatment of wastewater

The principal removal pathways for ATDs in biological wastew-

ater treatment systems are adsorption and biodegradation, and the

removal of ATDs by hydrolysis and volatilization is insignificant

[59,60]. Although wastewater treatment plants are not explicitly

designed for ATD removal, numerous studies have indicated that

ATDs can be degraded through biological treatment processes [26].

The removal rates of ATDs in various process wastewater treatment

plants exhibit considerable variability, with removal rates span-

ning a wide range from zero (or even negative) to nearly 99%,

3
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Table 2

Environmental concentrations of ATDs in different countries.

Compound Area Source of sample Concentration (ng/L) Year Ref.

Amitriptyline Brazil WI 141–200 2020 [18]

WE n.d.–80 2020 [18]

R 157–196 2020 [18]

China WI 7.1–47.2 2021 [43]

WE 4.7–41.0 2021 [43]

WE 3.66–10.0 2024 [47]

R n.d.–15.5 2024 [47]

Denmark WI n.d.–175 2023 [41]

WE 5–447 2023 [41]

Greece WI n.d.–93.2 2020 [28]

WE n.d.–161.7 2020 [28]

WI n.d.–24.0 2022 [48]

WR 3.0–17.7 2022 [48]

Sweden WI 11–40 2021 [49]

WE 17–74 2021 [49]

UK WI 68–104 2020 [50]

USA WI 67–94 2020 [50]

Citalopram Brazil WI 25–467 2020 [18]

WE 25–1136 2020 [18]

R 25–520 2020 [18]

China WI 30.8–98.5 2021 [43]

WE 19.3–97.6 2021 [43]

WE 30.0–55.3 2024 [47]

R n.d.–70.0 2024 [47]

Greece WI n.d.–715.6 2020 [28]

WE n.d.–172.6 2020 [28]

WI n.d.–50.3 2022 [48]

WE 14.4–67.8 2022 [48]

Denmark WI n.d.–4237 2023 [41]

WE 46–766 2023 [41]

Iran WI 4.66–2006.27 2022 [16]

Portugal R 67.9 2020 [51]

Sweden WI 51–220 2021 [49]

WE 120–340 2021 [49]

UK D 2.26–2.80 2019 [52]

WI 287–347 2020 [50]

USA WI 165–300 2020 [50]

Fluoxetine Brazil WI 25–173 2020 [18]

WE 25–160 2020 [18]

R n.d.–90 2020 [18]

China WI 2.6 2015 [53]

S 0.5–3.5 2020 [40]

WI 5.9–36.4 2021 [43]

WE 5.1–29.4 2021 [43]

WI 0.17–0.29 2024 [42]

WE 3.98–6.19 2024 [47]

R n.d.–11.7 2024 [47]

Greece WI n.d.–486.0 2020 [28]

WE n.d.–252.5 2020 [28]

WI n.d.–124.4 2021 [54]

Iran WI 2.5 2022 [16]

Portugal R 28.9 2020 [51]

Spain WI 102–208 2022 [55]

Sweden WI 1.9–13.5 2021 [49]

WE 3.7–17.0 2021 [49]

UK D 0.27 2019 [52]

WI 46–65 2020 [50]

Sertraline Brazil WI 236–417 2020 [18]

WE 25 2020 [18]

China WI 12.9–103.0 2021 [43]

WE 7.0–96.7 2021 [43]

WE 8.35–9.10 2024 [47]

R n.d.–40.0 2024 [47]

Greece WI n.d.–102.6 2020 [28]

WE n.d.–218.3 2020 [28]

WI n.d.–28.2 2021 [54]

Iran WI 114.71–417.57 2022 [16]

Mexico WI 56–101 2020 [50]

Portugal R 5.4 2020 [51]

Slovenia WI 525–573 2020 [21]

WI 106–123 2020 [21]

WE 22.9–26.3 2020 [21]

S 8.59–9.97 2020 [56]

Sweden WI 8.5–40.0 2021 [49]

(continued on next page)

Table 2 (continued)

Compound Area Source of sample Concentration (ng/L) Year Ref.

WE 15.0–62.0 2021 [49]

UK WI 69–111 2020 [50]

Venlafaxine Canada WI 2550 2021 [46]

China S 18.2–27.6 2020 [40]

S 0.32–21 2021 [39]

WI 40.25–80.40 2022 [57]

WE 21–87 2022 [57]

WI 14.28–32.82 2024 [42]

Denmark WI 381–1125 2023 [41]

WE 318–979 2023 [41]

Greece WI 100.8–546.1 2019 [29]

WI n.d.–389.2 2019 [29]

WI n.d.–582.4 2020 [28]

WE n.d.–1071 2020 [28]

WI 50.6–289.4 2022 [48]

WE 113.0–277.2 2022 [48]

Iran WI 209.69–566.93 2022 [16]

Mexico WI 93–125 2020 [50]

Portugal R 641 2020 [51]

Spain S 382.4–1005.9 2020 [58]

Sweden WI 250–880 2021 [49]

WE 400–1100 2021 [49]

UK WI 247–319 2020 [50]

USA WI 45–247 2020 [50]

WI: wastewater treatment plant influent; WE: wastewater treatment plant effluent;

R: river water; D: drinking water; S: surface water; n.d.: not detected.

depending on the type of biological treatment employed at each

wastewater treatment plant (Table 3) [18,21,26,29,46,58,61–63].

It was demonstrated that the utilization of the activated sludge

method for the elimination of both AMI and SER exhibited a su-

perior efficiency of over 80% [18], and the primary removal mech-

anism may be attributed to the biosorption of ATDs by activated

sludge, thereby achieving a high removal efficiency. Concurrently,

the biodegradation process facilitated by fungi has the potential to

eliminate up to 95% of VEN [61]. The removal efficiency of VEN

was <10% when either anaerobic-anoxic-oxic biological nitrogen

and phosphorus removal process (A2O) or cyclic activated sludge

system+ sequencing batch reactor (CASS+ SBR) method was em-

ployed [62], which can be attributed to the transformation of its

intermediate metabolites or disinfection by-products. In compari-

son to the CASS+ SBR method, the A2O method has been demon-

strated to exhibit a higher removal rate of AMI, which may be at-

tributed to the release of ATDs into the wastewater during the pro-

cess of CASS sinking. Furthermore, the A2O method has a shorter

hydraulic retention time, which allows for the treatment of a

greater volume of municipal wastewater. The data presented here

suggest that future research on ATDs removal should focus on both

A2O and biodegradation by fungi technologies to develop a new

ATDs removal method that combines the advantages of both.

Nowadays, regardless of the technology used in wastewater

treatment plants, complete removal of ATDs has not been achieved

in the majority of cases, and even a negative removal of ATDs

has been observed in the effluent of several wastewater treatment

plants [29,41,62]. The negative removal of ATDs may be attributed

to the enzymatic reaction of pharmaceuticals excreted as couplers,

which are then reconverted to their original compounds during the

wastewater treatment process [28,29,31]. The second potential sce-

nario is that ATDs adsorbed on activated sludge may reach a state

of supersaturation, leading to changes in their adsorption behav-

ior and the release of some ATDs that were previously adsorbed

during the wastewater treatment process [64,65]. The roles of ad-

sorption and biodegradation vary depending on the specific type

of ATD in concern, and this is attributable to a number of factors,

including the physicochemical properties of the ATDs and the op-

erational conditions of the biological treatment system.
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Table 3

Removal methods and removal efficiency of ATDs in WWTPs.

Compound Elimination method Removal rate (%) HRT (h) Year Ref.

Amitriptyline CASS+ SBR 23 13.67+9.67 2020 [62]

Modified A2/O 69 11 2020 [62]

UASB 60 / 2020 [18]

AS 84.4 / 2020 [18]

Citalopram CASS+ SBR 38 13.67+9.67 2020 [62]

Modified A2/O 55 11 2020 [62]

Fluoxetine Bioadsorption-bioaccumulation by microalgae biomass >50 24 2020 [58]

CASS+ SBR 32 13.67+9.67 2020 [62]

Modified A2/O 45 11 2020 [62]

UASB 19.8–78.1 / 2020 [18]

Sertraline flow-through bioreactors 91.1–97.4 0.25 2020 [21]

AS 89.4 / 2020 [18]

Modified A2/O 56 11 2020 [62]

MBBR 60 24 2024 [26]

Venlafaxine Bioadsorption-bioaccumulation by microalgae biomass >50 24 2020 [58]

MBR 38 / 2020 [63]

CASS+ SBR 6.5 13.67+9.67 2020 [62]

Modified A2/O −4 11 2020 [62]

SMBR 41.8 18 2021 [46]

Biodegradation by fungi 70–95 168–2160 2019 [61]

AS −100–60 6 2019 [29]

CASS: cyclic activated sludge system; SBR: sequencing batch reactor; A2/O: anaerobic-anoxic-oxic biological nitrogen and phosphorus removal process; UASB: up-flow anaer-

obic sludge blanket; AS: activated sludge; MBBR: moving bed biological reactor; MBR: membrane bioreactor; SMBR: submerged membrane bioreactor.

4.1. Adsorption removal mechanisms of antidepressants in wastewater

The detection of ATDs in activated sludge was observed at el-

evated levels, with the majority of their median concentrations

falling within the range of tens to hundreds μg/kg biosolids

[22,24,31,66,67]. Elevated ATD concentrations in residual sludge

have been reported, suggesting low biodegradability and indicat-

ing that adsorption is the primary removal mechanism for ATDs

[22,68–71]. The highest detected concentrations of ATDs were ob-

served in sewage sludge from Iceland, where VEN was adsorbed

at a concentration of 11.40mg/kg biosolids [69]. The use of a

secondary sedimentation tank can effectively discharge the ad-

sorbed ATD sludge and achieve the removal of ATD by activated

sludge adsorption [72]. For example, the introduction of a sec-

ondary clarifier-settler in a wastewater biological treatment plant

improved the removal efficiency of FLU from wastewater [18].

In a municipal wastewater treatment plant in Iran, the influent

FLU concentration was detected to be 2.5 ng/L, while the max-

imum concentration of 7.65ng/L was detected in the secondary

clarifier [16], which indicated that a considerable quantity of FLU

was adsorbed by the activated sludge. In pilot wastewater treat-

ment experiments with flow-through bioreactors, the adsorption

removal of SER reached up 90% [21]; in batch experiments with

sterile carriers, the concentration of SER decreased immediately

[73], all of these indicating that adsorption is the principal re-

moval pathway. The experiment on VEN removal from simulated

wastewater using the sequencing batch reactor activated sludge

method combined with aerobic granular sludge demonstrated that

approximately 50% of VEN was eliminated through biosorption

onto sludge particles, indicating its resistance to biodegradation

and highlighting biosorption as the primary pathway for removal

[23]. Consequently, activated sludge adsorption plays an irreplace-

able role in the biological removal of ATDs [21–24,31,70], with ac-

tivated sludge serving as a significant reservoir for ATDs.

Adsorption primarily occurs through hydrophobic interactions

and electrostatic interactions between ATDs and organic matter in

activated sludge [24,68,74], with the interaction between the neg-

atively charged surfaces of the adsorbent and the positive charges

of ATDs [71,75]. Extracellular polymeric substances (EPS) secreted

by microbial cells are the key component responsible for the ad-

sorption of ATDs onto biological sludge [73], and EPS improves

the effectiveness of adsorption of ATDs onto certain functional

groups such as amine groups, hydroxyl groups and carboxyl groups

[68,76]. The main adsorption mechanisms during secondary pro-

cessing include the adsorption of bacterial lipid structures, bacte-

rial extracellular polysaccharides, and chemical binding to bacterial

proteins and nucleic acids [77]. In addition, sludge retention time

also plays an important role in the adsorption process of ATDs;

the longer the sludge retention time, the higher the biomass con-

centration and the better the adsorption effect [68,78]. Most hy-

drophobic and persistent trace organic pollutants (e.g., some ATDs

with degradation-resistant properties) tend to be degraded through

biomass activity in relatively low proportions, with undegraded

ATDs and their metabolites continue to be retained in the solid

residue/substrate [24,67,79]. However, current research has not yet

fully elucidated the evolution of ATDs in biosolids (e.g., activated

sludge).

The adsorption process occurring in activated sludge is a highly

complex process, influenced by various factors, including the type

of adsorbent (sludge type), operating conditions of the biologi-

cal treatment system, physicochemical properties of ATDs, func-

tional group types, adsorption isotherms, kinetics, thermodynam-

ics, and metal ions [70,76,80–83]. Common adsorption mecha-

nisms for ATDs are illustrated in Fig. 2 [65,75,76,83–92]. The spe-

cific adsorption coefficient (Kd) is typically employed to evaluate

the adsorption capacity of activated sludge for micropollutants in

wastewater treatment plants. The adsorption of micropollutants by

activated sludge is negligible when the logKd value is <2, and the

adsorption behavior is an important process in determining the

pollutant fate when the logKd value is greater than 4 [66,68,93].

The average logKd values for AMI, CIT, FLU, SER, and VEN were cal-

culated to be 3.32, 3.15, 3.63, 4.14, and 2.19, respectively, according

to the different literature [31,94,95]. Given that most ATDs have

the basic properties of the amine fraction properties (with a pKa

of about 9), a higher pH in the aqueous environment (closer to

8) will result in a higher proportion of undissociated molecules in

the sludge, thus increasing hydrophobic interactions and leading to

a higher Kd value [66].

The octanol-water partition coefficient (logKow) value is com-

monly used to indicate the hydrophobicity of ATDs and their ad-

sorption capacity from the liquid phase to the solid phase. For

example, AMI, VEN, and some of their metabolites, which have

5
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Fig. 2. Adsorption mechanisms of ATDs in wastewater [65,75,76,83–92].

logKow values above 3, are likely to have significant adsorption

onto suspended substances as a key removal mechanism [29]. The

lipophilic characteristics of SER may increase its propensity to ad-

sorb onto biosolids such as activated sludge [18,96]. Nonetheless,

not all ATDs are lipophilic compounds, and many of them have po-

lar functional groups (-NH2 or -COOH groups), regardless of their

lipophilicity, can be adsorbed onto organic compounds or miner-

als through electrostatic interactions [24,97]. Electrostatic interac-

tions are more important than hydrophobic interactions due to

the higher protein content in extracellular substances of organic

compounds [22]. This explains the low detection frequency ex-

hibited by most experiments when only the liquid phase analy-

sis of wastewater is performed. To better analyze the evolution of

ATDs during the biological treatment of municipal wastewater, fur-

ther determinations of the ATDs adsorbed by suspended solids are

needed.

4.2. Biodegradation mechanisms of antidepressants in wastewater

Biodegradation is a complex process involving the catabolism

of organic compounds, including antidepressants, through the for-

mation of various metabolic intermediates by biotransformation

and complete mineralization to CO2 and H2O by either single mi-

croorganisms or mixed microorganisms cultivated. Microorganisms

have the ability to use ATDs as a single carbon and energy source

and/or degrade ATDs through co-metabolism effect. Several fac-

tors have the potential to influence the efficiency of biodegra-

dation of ATDs in wastewater treatment plants, including plant

configurations (e.g., concentration of carbon, nitrogen, phosphorus,

and type of bioreactor), operating conditions (e.g., sludge reten-

tion time, hydraulic retention time, sludge loading, temperature,

and pH) [26,29,98]. In a municipal wastewater treatment plant in

Iran, an influent FLU concentration of 2.5 ng/L was detected, and

the presence of FLU was not found at the effluent outlet [16], sug-

gesting that FLU undergoes significant biodegradation. The above

studies suggest that this efficiency may be influenced by sludge

retention time and hydraulic retention time. Longer sludge re-

tention times allow for the enrichment of slow-growing microor-

ganisms and the domestication of larger microbial populations,

which improves their ability to biodegrade in wastewater treat-

ment plants [76]. Additionally, longer sludge ages are more benefi-

cial to increasing the diversity of microbial diversity through the

metabolism or co-metabolism effect of ATDs, and extended hy-

draulic retention times allow for prolonged contact between mi-

croorganisms and ATDs, enabling more complete degradation. In

batch experiments using sterile carriers, adsorption was found to

contribute almost nothing to the removal of VEN [73], showing

that biodegradation may be the primary removal pathway. It is

worth mentioning that the biodegradation efficiency of ATDs in

full-scale biological wastewater treatment processes can vary sig-

nificantly, particularly due to differing treatment parameters across

various wastewater treatment plants.

One factor contributing to the inhibition of the biodegradation

process may be the presence of hydrophobic compounds adsorbed

onto the sludge [67]. The biodegradation efficiency of hydropho-

bic compounds varies between 0% and 80%, whereas most hy-

drophilic compounds achieve biodegradation efficiencies exceeding

80% [22]. Another inhibitory factor is the impact of ATDs on mem-

brane biofouling in wastewater, which affects microbial commu-

nities and associated pollutants, thereby reducing degradation ef-

ficiency. Differences in biodegradation efficiency may also be ex-

plained by the effect of sulfur-containing or nitrogen-containing

functional groups in the chemical structure of ATDs, which often

decrease their susceptibility to biodegradation. Concurrently, the

highly stable carbon-fluorine (C-F) bonds in ATDs (e.g., FLU, CIT,

and PAR) and their metabolites make them potentially highly sta-

ble and persistent in the environment [26,99], which serves as an

additional reason for inhibiting biodegradation processes. Although

microbial defluorination under anaerobic conditions presents a

promising approach [100,101], there are limited reports on anaer-
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Fig. 3. Biotransformation pathway of amitriptyline in wastewater [107–109].

obic degradation of ATDs in bioreactors. Investigations into the

transformation and degradation of ATDs under anaerobic condi-

tions are crucial for understanding their removal processes in

wastewater treatment plants.

Laboratory-scale anaerobic digestion has demonstrated high re-

moval rates for ATDs [74,102], with biodegradation efficiencies

of FLU and CIT exceeding 50% under anaerobic conditions [79].

Sulfur- and nitrogen-containing trace organic pollutants, as well as

halogenated aromatic trace organic pollutants have been shown to

be more effectively removed under anaerobic conditions [27,103].

Shear forces applied to the sludge during anaerobic digestion

can facilitate the recycling of ATDs between the solid and liq-

uid phases, thereby enhancing the biotransformation of some hy-

drophobic ATDs and improving their degradation efficiency [104].

Additionally, certain inorganic chemical compounds (e.g., NO3
−,

SO4
2−, Fe3+, Mn4+) can play the role of oxygen during aerobic

degradation as an electron acceptor, receiving electrons from de-

graded pollutants during anaerobic digestion process [103,105],

which increases the biotransformation rate of hydrophilic ATDs

with electron-donating functional groups. However, the adsorption

of hydrophobic ATDs onto the solid phase (sludge) during anaer-

obic digestion may inhibit their degradation and biotransforma-

tion [67,106], with adsorbed ATDs transferred to organic fractions

that are less susceptible to biodegradation, thus reducing overall

biodegradation efficiency.

In summary, it is essential to explore the factors affecting the

biodegradation efficiency of ATDs, and to explore the technological

parameters for highly efficient biodegradation of ATDs. Meanwhile,

biodegradation studies of ATDs in wastewater can focus on their

mineralization and co-metabolism effects, while concentrating on

exploring their biotransformation mechanisms to construct a cor-

relation between the diversity of microbial populations and differ-

ent biotransformation pathways of ATDs.

4.2.1. Biotransformation mechanisms of amitriptyline

The primary biotransformation pathways of AMI include N-

demethylation, N-oxidation, hydroxylation, and methoxylation. Sec-

ondary and tertiary metabolic processes involve dehydrogenation,

epoxidation, and several alternative primary pathways.

The biotransformation pathway of AMI in wastewater is il-

lustrated in Fig. 3. During biotransformation, AMI undergoes N-

demethylation to produce TP-264, hydroxylation on the central

cyclic ethenyl group of TP-264 to yield TP-280a and TP-280b, and

subsequent dehydrogenation to form TP-262. TP-278 is considered

an epoxy metabolite of TP-262. Additionally, AMI is hydroxylated

on the aromatic ring to form TP-294a, on the β-carbon of the

aliphatic chain to create TP-294b, and on the side chain of the

ethenyl group to produce TP-294c. TP-294d is thought to be an

N-oxidized metabolite of AMI, while TP-294a undergoes dehydro-

genation to form TP-276. AMI is also dehydrogenated and methy-

lated to form TP-306, and TP-264 is dehydrogenated and methy-

lated to produce TP-292. Hydroxylation and N-oxidation on the

central cyclic ethenyl group of AMI generate TP-310a, which is then

dehydrogenated to form TP-308. Dihydroxylation of the central

cyclic ethenyl group of AMI results in TP-310b, and dihydroxyla-

tion of TP-264′s central cyclic ethenyl group leads to TP-296a. Hy-

dration of olefins on the γ -carbon of AMI tertiary amines produces

TP-296b, which is further hydroxylated to form TP-312 [107–109].

N-Demethylation is considered to be the primary pathway

for AMI biotransformation in sewage, and is likely catalyzed by

demethylases [109]. However, no significant enhancement in the

biological activity of demethylation enzymes has been reported.

Improving AMI biotransformation by enhancing the activities of

these related enzymes is a prospective area for future research.

4.2.2. Biotransformation mechanisms of citalopram

The six principal biotransformation pathways of CIT include ox-

idation, N-oxidation, N-demethylation, quaternization, hydroxyla-

tion, and nitrile hydrolysis (the primary pathway), with secondary

and tertiary metabolic processes involving dehydrogenation, amide

hydrolysis, and various alternating primary pathways [26,110,111].

Among them, Sphingomonas relies on hydroxylation reactions to

break down the structure of CIT [112,113]. Despite the presence of

multiple biotransformation pathways for CIT, the favored reaction

sites are the N-containing functional groups, such as cyano group,

tertiary amines, and the α-carbon of fatty amines [26,114]. This

phenomenon is due to the relatively high frontier electron den-

sity at the two nitrogen sites of CIT, making them more prone

to be electrophilic attacked [115]. Almost all identified CIT trans-

formation products contain a p-fluorotoluene fragment (C7H6F
+,

m/z=109.0453), which represents the inert component of CIT in

typical biological reactions.

The biotransformation pathway of CIT in wastewater is illus-

trated in Fig. 4. During biotransformation, CIT loses a methyl group
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Fig. 4. Biotransformation pathway of citalopram in wastewater [26,111,114,116,117].

to produce TP-311 (confidence level 1) and adds an oxygen atom

to generate TP-341a (confidence level 1) and TP-341b (potentially

a hydroxy TP) (confidence level 2b). The confidence levels in this

paper strictly adhere to the internationally recognized confidence

framework for identification, which divides the confidence level

into five grades ranging from 1 to 5. The cyano group in CIT is con-

verted to a carboxamide group, forming TP-343 (confidence level

1), and it is hydrolyzed to a carboxylic acid functional group, lead-

ing to the generation of TP-344 (confidence level 1). The furan ring

in CIT is oxidized to produce 3-oxo-CIT (TP-339a) (confidence level

2b), and both the furan ring and formamide TP are oxidized to

create TP-357 (confidence level 2b). A double bond forms between

the α-carbon and β-carbon of the fatty amine in CIT, yielding TP-

323 (confidence level 2b). The introduction of a methyl group onto

the tertiary amine moiety of CIT results in the formation of TP-

339b, a quaternary ammonium salt (confidence level 3). The miss-

ing double bond unit is partially present on the butyl chain of CIT

as a butadienyl group, forming TP-340 (confidence level 3). TP-343

and TP-311 are further transformed by N-demethylation and nitrile

hydrolysis, leading to the generation of TP-329 (confidence level

2b). Amide hydrolysis of TP-329 or N-demethylation of TP-344 pro-

duces TP-330 (confidence level 2b). TP-339a undergoes N-oxidation

to form TP-355 (confidence level 2b). TP-359a is the N-oxide and

formamide transformation product of CIT (confidence level 2b), TP-

359b is the hydroxyl group and formamide transformation product

of CIT (confidence level 2b), and TP-360 is the N-oxide and car-

boxylic acid transformation product of CIT (confidence level 2b)

[26,111,114,116,117].

Nitrile hydrolysis is identified as the predominant pathway for

CIT biotransformation in sewage [111]. Most identified CIT trans-

formation products are of higher mass than the parent compound,

suggesting limited microbial utilization of CIT’s carbon backbone.

Defluorination of CIT has been rarely documented in biotrans-

formation studies, appearing only in sludge [111] and ultraviolet

degradation research [116], indicating that the fluorobenzene seg-

ment of CIT remains highly stable and persistent throughout the

biotransformation process.

4.2.3. Biotransformation mechanisms of fluoxetine

The primary biotransformation pathways of FLU include N-

formylation, N-acetylation, N-malonylation, N-succinylation, O-

dealkylation, dehydrogenation, benzene ring cleavage, and defluori-

nation. Secondary and tertiary metabolic processes involve hydrox-

ylation, N-demethylation, and various alternating primary path-

ways.

The biotransformation pathway of FLU in wastewater is illus-

trated in Fig. 5. FLU undergoes N-malonylation to produce TP-

396 (confidence level 2b) and N-acetylation to yield TP-352 (con-

fidence level 2b) during biotransformation. The formation of TP-

190 involves a series of reactions, including O-dealkylation, N-

acetylation, and dehydrogenation (confidence level 2b). The for-

mation of TP-176 involves a variety of reactions involving O-

dealkylation, N-formylation, and dehydrogenation (confidence level

2b). FLU undergoes N-succinylation to form TP-410 (confidence

level 2b), which is further transformed by dehydrogenation to TP-

408 (confidence level 2b). FLU also undergoes N-methylation to

form TP-338 (confidence level 2b), which is subsequently hydrox-

ylated to produce TP-354 (confidence level 3). The formation of

TP-234 involves a variety of reactions including O-dealkylation, N-

malonylation and dehydrogenation. The formation of TP-234 in-

volves various reactions of O-dealkylation, N-malonylation and de-

hydrogenation, followed by further conversion to TP-220 (confi-

dence level 2b) by N-demethylation and to TP-250 (confidence

level 3) by hydroxylation [31,42,114,117].

N-Succinylation is regarded as the primary pathway for the bio-

transformation of FLU in sewage. The processes of N-acetylation

(leading to the generation of TP-352 and TP-190), N-malonylation

(yielding TP-396 and TP-234), and N-succinylation (producing

TP-410) can be facilitated by N-acyltransferase [42,118]. Pseu-

domonas putida degrades FLU and SER, breaking down drug struc-

tures by oxidative enzymes such as monooxygenases [119,120].

Moreover, the presence of three electron-withdrawing fluo-

rine atoms in FLU reduces the aromaticity of the benzene

ring, potentially impacting the efficiency of FLU biodegradation

[121].
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Fig. 5. Biotransformation pathway of fluoxetine in wastewater [31,42,114,117].

Fig. 6. Biotransformation pathway of sertraline in wastewater [21,31,56,111,114,123].

4.2.4. Biotransformation mechanisms of sertraline

The primary biotransformation pathways of SER include

oxidation, demethylation, acetylation, hydroxylation, and N-

succinylation, while secondary and tertiary metabolic processes

involve dehydrogenation, cleavage, and various alternative primary

pathways. Among the oxidation processes for SER, the most preva-

lent are the oxidation of N-methyl groups to carbonyls and the

conversion of secondary amines to ketones [31].

The biotransformation pathway of SER in wastewater is il-

lustrated in Fig. 6. During biotransformation, SER loses a methyl

group to produce TP-292 (dimethyl sertraline) (confidence level 1),

which is subsequently acetylated to form TP-334 (confidence level

2b) and hydroxylated to generate TP-350 (confidence level 3). TP-

290 results from the dehydrogenation of TP-292 (confidence level

1), TP-291 is produced by the hydrolysis of TP-290 (confidence

level 1) and also by the hydrolysis of TP-304 (confidence level 1).

The structures of TP-320b and TP-334 correspond to formamide

and acetamide molecules attached to TP-292 (confidence level

2b), respectively; TP-320b can also be directly formed from SER

following α-C-oxidation pathway (confidence level 2b). TP-304

is formed by the dehydrogenation reaction of SER (confidence

level 2b), and TP-275 results from the dehydrogenation of TP-304

(confidence level 2b). TP-158 is formed temporarily from the loss

of the dichlorobenzene ring in the SER (confidence level 2b),

TP-291 is produced by N-deamination of SER (confidence level 1),

and TP-392 is formed by N-malonylation of SER (confidence level

2b). TP-406 is generated by N-succinylation of SER (confidence

level 3), and peak area data suggest that TP-406 is the principal

biotransformation product [111]. TP-322 is thought to be a product

of SER hydroxylation (confidence level 3), and TP-322 has been

previously revealed as a result of solar photodegradation [56] and

soil degradation [122]. TP-320a is formed by the dehydrogena-

tion of TP-322 (confidence level 3), whereas TP-176 is produced

following the cleavage of the dichlorobenzene ring in TP-320a

9



C. Zhang, H. Dong, X. Zhao et al. Chinese Chemical Letters 37 (2026) 112038

Fig. 7. Biotransformation pathway of venlafaxine in wastewater [31,42,114,124–126].

(confidence level 3); TP-176 is also regarded as hydroxylated

TP-158 (confidence level 3) [21,31,56,111,114,123].

N-Succinylation is considered to be the primary pathway for

SER biotransformation in sewage [111], and may be catalyzed by

N-acyltransferase [109,118]. The biodegradation rate is significantly

higher when SER is the exclusive substrate [21]. In addition to me-

tabolizing SER as the sole carbon and/or nitrogen source for micro-

bial growth, enzymes secreted by the microbial community also

promote the biodegradation of SER [68], accounting for the effi-

cient removal of SER in most biological wastewater treatment pro-

cesses.

4.2.5. Biotransformation mechanisms of venlafaxine

The primary biotransformation pathways of VEN include N-

oxidation, O-demethylation, N-demethylation, dehydrogenation,

epoxidation, hydroxylation, methylation, and formylation reactions,

while secondary and tertiary metabolic processes involve acetyla-

tion and several alternative primary pathways.

The biotransformation pathway of VEN in wastewater is illus-

trated in Fig. 7. During biotransformation, VEN may undergo O-

demethylation or N-demethylation to produce TP-264a (confidence

level 1) or TP-264b (confidence level 1), respectively. VEN also ex-

periences dehydrogenation to form TP-274 (confidence level 2b),

epoxidation to yield TP-276 (confidence level 2b), methylation to

create TP-292b (confidence level 2b), N-oxidation to produce TP-

294b (confidence level 2b), and formylation to form TP-306 (confi-

dence level 2b). TP-264b is further converted by O-demethylation

to TP-250 (confidence level 2b). VEN undergoes N-dealkylation, fol-

lowed by oxidation of the aldehyde product to a carboxylic acid,

and subsequent dehydration to form an olefin, leading to the gen-

eration of TP-247 generation (confidence level 2b). The forma-

tion of TP-292a involves both N-oxidation and epoxidation (con-

fidence level 2b), while TP-308 is produced through both methyla-

tion and hydroxylation (confidence level 2b). VEN also undergoes

hydroxylation to generate TP-294a (confidence level 2b), which

is subsequently acetylated to form TP-322 (confidence level 2b)

[31,42,114,124–126].

VEN features a methoxy (methyl ether) portion (electron-donor

group) on its aromatic ring, alongside a tertiary amine and a cyclo-

hexanol ring. In batch experiments with anaerobic activated sludge

and in a full-size submersible artificial wetland, VEN readily under-

goes demethylation to form O-dimethyl venlafaxine (TP-264a). Al-

though TP-264a has been demonstrated to be highly persistent and

resistant to further transformations under anaerobic conditions, it

may be degraded under aerobic conditions [124–126]. In batch ex-

periments using sterile carriers, adsorption is found to contribute

little to VEN removal, further supporting that biodegradation is the

primary pathway for its removal [73].

4.3. Ecotoxicity of antidepressants in aquatic environments

The available laboratory studies suggest that ATDs and their

metabolites can affect various levels of biological organiza-

tion, leading to negative effects at the individual level, in-

cluding survival, growth, morphology, behavior, and reproduc-

tion [12,15,23,127], thereby causing significant ecological impacts

[11,128–130]. The bio-accumulative capacity and chronic toxicity of

ATDs is the main reason for focusing on them in this paper. Firstly,

although ATDS are present in low concentrations in the environ-

ment, they have the capacity to persist for extended periods (for

example, in aqueous environments or soils), gradually accumulate

through the food chain, and ultimately exert effects on higher or-

ganisms, including humans. Secondly, the chronic toxicity of ATDS

should not be underestimated, and long-term low-dose exposure

can have irreversible effects on sensitive organisms and popula-

tions. Consequently, even at present low concentrations, the neces-

sity for ongoing environmental monitoring and toxicology studies

remains, in order to ensure protection against potential risks which

are as yet unknown.

The evolution of toxicity during ATD degradation does not nec-

essarily follow a downward trend due to the different potential

toxicities of metabolic intermediates [31]. Acute and chronic tox-

icity of common ATDs and their metabolic intermediates to fish,

Daphnia and green algae were assessed using a quantitative struc-

ture activity relationship (QSAR) approach with ECOSAR software

(United States Environmental Protection Agency) [131,132]. AMI

and SER display acute toxicity with LC50 values below 1mg/L, clas-

sifying them as highly toxic chemicals [109]. As depicted in Fig. 8,

the toxicity of most metabolic intermediates of ATDs is lower than

that of their parent compounds. For example, TP-410, the most

common transformation product of FLU, is considerably less eco-

toxic than FLU, which means that FLU can be readily transformed

into less ecotoxic or even innocuous products through biodegra-

dation. However, for AMI and SER, the toxicity of some metabolic

intermediates exceeds that of their parent compounds (e.g., TP-

264, the primary products for AMI biotransformation), highlighting
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Fig. 8. Acute toxicities (a) and chronic toxicities (b) of ATDs and their transformation products to fish, Daphnia and green algae predicted by ECOSAR software.

the need for future research focused on monitoring and degrad-

ing these highly ecotoxic metabolic intermediates. This enhanced

toxicity is primarily attributable to the specific modification of the

metabolite’s molecular structure: It has been established that TP-

264 retains the lipophilic group of the parent compound, whilst

simultaneously forming a new reactive site through hydroxyla-

tion and epoxidation. This enables the compound to penetrate the

biofilm barrier, irreversibly bind to the cytochrome P450 enzyme

system, and induce the explosive generation of reactive oxygen

radicals. It is important to note that such highly reactive interme-

diates are difficult to fully mineralize in conventional wastewater

treatment processes. Furthermore, through surface runoff and food

chain enrichment, these intermediates have formed hidden pollu-

tion pools in aquatic ecosystems. In order to mitigate this poten-

tial risk, the molecular structure of the substance can be modified

in conjunction with other biotechnologies, thereby reducing their

ecotoxicity.

5. Conclusions and outlooks

5.1. Conclusions

This review examines the occurrence and fate of five com-

mon ATDs in the influent and effluent of municipal and hospital

wastewater treatment plant, as well as in surface water globally. It

also summarizes the primary adsorption and biodegradation mech-

anisms involved in ATDs removal. The most important of these

conclusions are as follows:

(1) The total detected concentrations of ATDs varied from 0.17ng/L

to 4237ng/L in influent, 3 ng/L to 1136ng/L in effluent, and

0.32ng/L to 641ng/L in surface water. The long-term impact of

excessive environmental concentrations of ATDs on ecological

health is a significant concern.

(2) The removal efficiencies of antidepressant-type pollutants dur-

ing biological wastewater treatment ranged from negative to

99%, with adsorption and biodegradation being the primary

removal mechanisms. Hydrolysis and volatilization contributed

minimally to the removal of ATDs, and extracellular polymeric

substances (EPS) enhanced the adsorption of ATDs to specific

functional groups.

(3) N-Acylation and N-hydroxylation are the characteristic reactions

involved in the biodegradation of ATDs. N-Acylation occurs at

the secondary amide site and the responsible enzyme is N-

acyltransferase, while N-hydroxylation takes place at the ter-

tiary amide site. Tertiary amines may also undergo biotransfor-

mation through N-oxidation and N-dealkylation reactions.

(4) The assessment of acute and chronic toxicity of ATDs and their

transformation products to fish, daphnia, and green algae has

led to the identification of ATDs and their metabolites that

should be prioritized for control to effectively mitigate their po-

tential environmental risks.

5.2. Outlooks

Given the diversity of ATD species and the complexity of real

aquatic environments, several key areas of focus have emerged re-

garding the evolution of antidepressant-type pollutants during the

biological treatment of municipal wastewater:

(1) Despite numerous studies have been reported on the biodegra-

dation of ATDs, the intrinsic mechanisms of ATD degradation at

molecular level still remain unclear. Additionally, there is a lack

of research on the anaerobic degradation of ATDs in bioreactors

and the microbial communities involved.

(2) Adsorption of ATDs to suspended materials and activated sludge

represents a significant potential removal mechanism. Further

investigation is needed to understand the factors affecting ATD

adsorption by activated sludge.

(3) The impact of EPS on the adsorption and desorption of ATDs,

as well as the complex interactions between EPS and ATDs, re-

quires further investigation to enhance understanding on the

fate of ATDs in municipal wastewater biological treatment sys-

tems.

(4) The application of artificial intelligence dynamic modeling in

wastewater treatment plants should be expanded. Real-time

monitoring of ATD concentrations and their metabolic interme-

diates in effluent should be implemented. Additionally, the eco-

toxicity of antidepressant pollutants in effluent should be inves-
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tigated, and fluctuations in pollutant concentrations should be

predicted in advance.
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