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Permeable coastal sediments act as a reactive node in the littoral zone, transforming nutrients via a wide range of
biogeochemical reactions. Reaction rates are controlled by abiotic factors, e.g., salinity, temperature or solute
concentration. Here, a series of incubation experiments, using flow-through reactors, were conducted to simulate
the biogeochemical cycling of nitrate ( ) and phosphorus (P) in permeable sediments under different 
availability  conditions (factor I)  along a salinity gradient (admixture of  river and seawater,  factor II).  In an
oligotrophic scenario, i.e., unamended  concentrations in both river and seawater, sediments acted as a
permanent net source of  to the water column. The peak production rate occurred at an intermediate salinity
(20). Increasing  availability in river water significantly enhanced net  removal rates within the salinity
range of 0 to 30, likely via the denitrification pathway based on the sediment microbiota composition. In this
scenario, the most active removal was obtained at salinity of 10. When both river and seawater were spiked with

, the highest removal rate switched to the highest salinity (36). It suggests the salinity preference of the 
removal pathway by local denitrifiers (e.g., Bacillus and Paracoccus) and that  removal in coastal sediments
can be significantly constrained by the dilution related  availability. Compared with the obtained variation
for  reactions, permeable sediments acted as a sink of soluble reactive P in all treatments, regardless of
salinity and  input concentrations, indicating a possibility of P-deficiency for coastal water from the intensive
cycling in permeable sediments.  Furthermore, the net production of dissolved organic carbon (DOC) in all
treatments was positively correlated with the measured  reaction rates, indicating that the DOC supply may
not be the key factor for  removal rates due to the consumption by intensive aerobic respiration. Considering
the intensive production of recalcitrant carbon solutes, the active denitrification was assumed to be supported by
sedimentary organic matter.
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1  Introduction
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Nitrate ( ) is one of the most biogeochemically active

components in the global nitrogen (N) inventory. Currently, 

storage in the biosphere is estimated to be 6.5×105 Tg and contin-

ues to increase due to the active anthropogenic introduction of

bioactive N into the biosphere (Kuypers et al., 2018). In terrestri-

al ecosystems, coupled with precipitation, excess  leaches

into groundwater or surface rivers and eventually ends up in the

coastal zone (Galloway et al., 2014). Apart from biological uptake

in transit, coastal sediments are frequently reported as the major

NO−
sink for this anthropogenic  arriving at the littoral zone

(Huettel et al., 2014).

Cohesive sediments along coastal belts are composed by a

large proportion of fine particles with a capacity to accumulate

organic matter, which benefits carbon food source dependent re-

actions (Song et al., 2013; Jiang et al., 2017a). In comparison,

coastal permeable sediments are an assemblage of silicate/car-

bonate particles with limited organic matter storage potential

(Rocha, 2008; Ibánhez and Rocha, 2014; Jiang et al., 2020). This

leads to the frequent underestimation of the importance of per-  
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meable sediments in the biogeochemical recycling of elements in
the coastal zone (Rocha, 2008; Huettel et al., 2014). In coastal
sediments, biogeochemical reactivity is fundamentally con-
trolled by reactant availability, and therefore loading pathways
and rates (Santos et al., 2012; Huettel et al., 2014; Ibánhez and
Rocha, 2017). In cohesive sediments, apart from biological dis-
turbance caused by infauna, diffusion is the major transport
pathway of solutes between the sediment and the overlying wa-
ter (Boudreau et al., 2001). In contrast, large rates of advection
and dispersion are observed in permeable sediments (e.g.,
Huettel and Rusch, 2000). Solute transport in permeable sedi-
ments driven by advection and dispersion can be orders of mag-
nitude higher than that caused by diffusion alone (Rocha et al.,
2009, Ibánhez et al., 2011; Huettel et al., 2014). Importantly, mi-
crobial population densities on the surface of sandy particles can
reach the magnitude of 109 cells/cm3 (Böer et al., 2009), which is
comparable to observations made in muddy sediments. Thus, a
growing body of research is adding substantial evidence to the
paradigm that classifies permeable sediments as a ‘fast lane’ for
benthic biogeochemical reactions (Rocha, 2008; Gihring et al.,
2009; Marchant et al., 2016; Jiang et al., 2020), including reports
of high process-specific rates for  turnover, such as denitri-
fication, nitrification or dissimilatory nitrate reduction to am-
monium (DNRA) (Santoro, 2010; Ibánhez and Rocha, 2017).
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Although the importance of permeable sediments in global
benthic biogeochemistry has been gradually accepted by the sci-
entific community, there still exists a lack of in-depth under-
standing of the environmental drivers of biogeochemical reac-
tion rates in permeable sediments. As aforementioned, benthic
reactions are markedly modulated by environmental factors such
as temperature, salinity and reactant concentrations (Santos et
al., 2012; Ibánhez and Rocha, 2016, 2017). In coastal zones, these,
especially salinity and reactant levels are highly variable and can
be influenced by both natural processes and anthropogenic
activities. An example of this is the mixing between freshwater
(e.g., river water or groundwater) and seawater which modulates
the salinity of coastal systems, observed in estuaries or subter-
ranean estuaries. The loading of fresh water can also introduce
terrestrial . In addition, discharge of sewage or runoff of fer-
tilizers is known to enhance  availability in coastal zones (Ji-
ang et al., 2021). Accordingly,  reaction rates in permeable
sediments are likely to be highly variable. This leads to an uncer-
tainty in the fate of land-borne  and prediction of sto-
chiometric balance between N and P in coastal waters. Currently,
the knowledge about the influence of salinity and  levels on
the N turnover in permeable sediments is limited. In contrast, the
environmental drivers of  reactivity have been intensively
studied in cohesive sediments and tight correlations have been
observed between temperature/salinity and denitrification
(Nowicki, 1994), or temperature/pH/salinity and nitrification
(Jones and Hood, 1980) and redox potential and DNRA (Burgin
and Hamilton, 2007). Given the capability of permeable sedi-
ments to modulate solute concentrations in coastal and shelf wa-
ters and their widespread in continental shelves (>60% coverage,
Boudreau et al., 2001), the variation in  turnover in per-
meable sediments caused by environmental changes may funda-
mentally influence  concentration in the overlying water, po-
tentially affecting both the ecological and the environmental
status in coastal environments.

In this study, flow-through reactors (FTRs), an effective tool
with many applications to simulate solute transport and reac-
tions in permeable sediments under the 1-D advection condition
(Laverman et al., 2007; Rao et al., 2007; Ibánhez and Rocha, 2014,
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2016, 2017), were applied to investigate  cycling in per-
meable sediments. They allow experiments to simulate advective
transport that characterizes these benthic systems under con-
trolled conditions, which permits the isolation of the effects of in-
dividual driver variability over benthic reactivity. In the present
study, the permeable sediment in Dublin Bay was collected for
the simulation. Dublin Bay is located at the eastern boundary of
the Dublin City, Ireland (53°20′ N, 6°10′ W), facing the Irish Sea.
Dublin Bay hosts several harbors for international trading with
the European Union and the North America (Brooks et al., 2016).
In addition, Dublin Bay is a key nursery area for fish species har-
vested in the Irish Sea (Brooks et al., 2016). Several surface load-
ings (stream and river) drain into Dublin Bay with a total rate of
2.3×106 m3/d (Brooks et al., 2016). Together with tides, the out-
flow of the River Liffey (the main surface loading, O’Higgins and
Wilson, 2005) and streams as well as the occurrence of coastal
groundwater discharge (Wilson et al., 2016) leads to a patchy sa-
linity variation within the bay. The primary research aim was to
explore permeable sediments subject to variable salinity and

 input conditions, which can be identified as mimicking es-
tuarine mixing. In addition, the microbial explanation (based on
16S rDNA analysis) for the variability of  reaction intensity
was also explored. Furthermore, the carbon source for  reac-
tions and the relationship between soluble reactive phosphorus
(SRP) reaction and  turnover were also investigated to reach
a full view of nutrient-carbon integration in permeable sedi-
ments.

2  Materials and methods

2.1  Sampling site and sediment characterization
Permeable sediments were collected at the edge of the

shoreline in a city park during ebbing tide in June 2016. Sedi-
ments were collected below the mean water level, and the sur-
face layer (0−2 cm) samples were discarded due to the accumula-
tion of algal debris. The gathered sediment was rapidly trans-
ferred to the laboratory (4 h after collection). The salinity of the
overlying water was 34 at high tide and decreased to 31.5 at low
tide in June, indicating a salinity variation caused by terrestrial
water injection (river water or terrestrial groundwater) on the
sampled sediments. Bay water temperature near the site was ap-
proximate 18°C. The grain size of the collected sediment was de-
termined using a Beckman Coulter laser particle size analyzer.
Average grain size was 0.32 mm and the proportion of clay and
silt (<0.063 mm) in the sediment was low (ca. 5% in total sedi-
ment particles). Sediment porosity was approximately 0.32, de-
termined according to the approach described in Ibánhez and
Rocha (2016). Sediment organic carbon content by mass was
0.14%, quantified with the acid fumigation method of Harris et al.
(2001). Total nitrogen in the sediment was 0.008% determined on
a Vario EL® Cube elemental analyzer. Inorganic P in the sedi-
ment was 0.01% determined by an acid extraction method
(1 mol/L HCl solution for 24 h; Aspila et al., 1976).

2.2  FTR experiments
The permeable sediment used in the FTR experiments was

thoroughly mixed and placed into reactor cells (10 cm length, 6.6 cm
diameter). Compared with the intact sediment columns, re-
packed sediments are homogeneous, decreasing the build-up of
preferential flow during the experiments and eliminating differ-
ences in the test sediment among treatment groups (Santos et al.,
2012). In addition, the FTR cells used two collimator caps and
GF/F membrane filters on both sides of the sediment to remove
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the possibility of particle interference and facilitate the disper-
sion of the circulating solution in the cells (Fig. 1). After as-
semblage, the reactor cells were wrapped with aluminum foil to
avoid light exposure and transferred to a temperature-controlled
incubator (20°C) to eliminate the influence of temperature vari-
ations on observed N reactions (Rocha, 1998, 2000) and simulate
the benthic N turnover in summer in Ireland (Rocha et al., 2015).
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The circulating solutions used in the FTR experiments were
made with mixtures of oligotrophic marine water (salinity, 36)
and river water (salinity, 0), collected from the Coliemore Harbor
(53.274 8°N, 6.093 9°W) and the Phoenix Park in Dublin (53.355 8°N,
6.318 7°W), respectively. Before the experiments, the mixed solu-
tions were aerated for 2 h to saturate dissolved oxygen (DO). To
explore the effects of salinity and input  concentration on
consumption/production rates in the sediments, three treat-
ments were employed in the experiments. The first treatment
corresponds to the mixture of natural river water and marine wa-
ter, and this was identified as the control. The  concentra-
tions in both river water and marine water were low (approxim-
ately 12 μmol/L and 2.3 μmol/L). After mixing, the final salinities
of the reaction solutions were 0, 10, 15, 20, 30 and 36 (6 runs in
the treatment). In the second treatment, river water was spiked
with  to a final concentration of approximately 100 μmol/L,
while the seawater remained unchanged. This intends to simu-
late the dispersion of  enriched freshwater along a salinity
gradient in coastal zones. For the third treatment, both river wa-
ter and seawater were spiked with  to a final concentration of
100 μmol/L, eliminating the effect of mixing of fresh and marine
waters over  concentration, and therefore testing for the ef-
fect of changing salinity alone. The mixing proportions between
river water and seawater in the second and third treatments were
identical to the first treatment. In total, three treatments with 18
runs were included in the present study. Each run was per-
formed in triplicate. Prior to mixing, both “endmember” water
samples were filtered through GF/F filters (Whatman®; average
pore size, 0.7 μm) to remove suspended particles. The flow rate of
porewater in the reactor cells was 1.5 mL/min, similar to the ad-
vection rate in permeable beaches (Rocha et al., 2009; Ibánhez et
al., 2011), which guaranteed the long reaction time for solutes
with sediment particle surface (Jiang et al., 2018a). The input
solution was pumped from the bottom to the top to simulate the
1-D advection transport in benthic environments (Fig. 1). Prior to
each experimental run, the input solution was pumped through
the sediment overnight (ca. 12 h) at the working porewater velo-
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city for acclimatization. Subsequently, the run started and water
samples were collected at both the input solution and the output
stream (Fig. 1) every 60 min (similar to the porewater residence
time in the reactor cells) for 3 h (3 collections in total). In parallel,
DO content at both input and output solution was determined
with an OxiCal® probe under the salinity calibration mode. Wa-
ter samples for the determination of dissolved organic carbon
(DOC) were stored in amber glass vials at 4°C after acidification
to pH<2 using 2 mol/L HCl. Samples for fluorescent dissolved or-
ganic matter (FDOM) were stored in glass vials at −20°C. Water
samples for the concentration of dissolved inorganic nitrogen
(DIN) species, including , nitrite ( ), and ammonium
( ), as well as soluble reactive phosphorus (SRP) were stored
in vacutainers at 4°C with a preservation period of less than one
week (Jiang et al., 2017b). Samples for δ15N-  were stored in
vacutainers at −20°C. The initial concentrations of DO, DOC,

, ,  and SRP at each run are outlined in Supple-
mentary Table S1.

2.3  Analytical methods
DOC was determined on a Vario TOC Cube elemental analyz-

er after purging with carbon-free gas (CO2 and VOC free air;
10 min per sample). The detection limit for DOC was approxim-
ately 14 μmol/L based on the determination blanks. The method
precision was ca. 6%. FDOM was measured on a Cary Varian Ec-
lipse® spectrofluorometer via 3-D excitation-emission-matrix
spectral scanning (Ibánhez and Rocha, 2014) and subsequently
processed with the DOM Fluor Toolbox in MATLAB (Stedmon
and Bro, 2008). Water from a Millipore purification gradient sys-
tem was used as blank. The signal from the daily blanks was sub-
tracted from the sample spectra to remove Raman scatter peaks
(Stedmon and Bro, 2008). Fluorescence intensities for each
sample were divided by the integrated area of Raman peaks from
the blank (Lawaetz and Stedmon, 2009). Consequently, results
were expressed in Raman units (R.U.). Parallel Factor Analysis
(PARAFAC) was used to decompose the fluorescence signal and
to obtain the main fluorophores present in our dataset (Stedmon
and Bro, 2008). The results of the PARAFAC modelling were val-
idated by split-half analysis provided in the tool box.
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The concentration of , ,  and SRP in all water
samples were determined using a Lachat Quickchem-8 500 Flow
Injection Analysis system according to standard colorimetric
methods (Hansen and Koroleff, 1999). The equipment detection
limit for all these solutes was below 0.3 μmol/L and the method
precision was higher than 4%. δ15N-  was determined using
the bacterial reduction method (Pseudomonas aureofaciens; Sig-
man et al., 2001) after removal of  (Weigand et al., 2016). N2O
produced from the  reduction vials were concentrated in a
Thermo-Fisher Precon system (Thermo Fisher, USA) via a liquid
nitrogen loop with subsequent flow-through Finngan chromato-
graphic loops and finally into a Thermo-Fisher Delta V Advant-
age isotope system (Jin et al., 2020). The method precision was
ca. 0.2‰ based on the long-run. Calibration was made using
commercial standards (USGS 32, 34, 35; IAEA- ).

Sediment microbiota of the mixed sediment preserved at
−20°C was quantified as the 16S rRNA gene fragments to determ-
ine the microbial community structure. Briefly, DNA from ap-
proximately 0.3 g thawed sediment was extracted and V3-V4 re-
gions of 16S rRNA genes were then amplified after 35 PCR cycles.
After library construction using KAPA Hyper Prep Kit (Roche),
the obtained library was paired-end sequenced on an Illumina
Miseq system (Jiang et al., 2020). The potential functional pro-

reaction

solution

Pump

output DO measurement

sample collection

solution input

sandy sediment
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Fig.  1.     Sketch of  the FTR experimental  setup.  The sketch in-
cludes  two  DO  measurements  and  sample  collection  points
(from the input solution reservoir and the output stream). The
figure is based on Jiang et al. (2018a).
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files of sediment microbiota were predicted in R environment us-
ing an open-source package that identifies the functional capab-
ilities of microbial communities based on 16S rRNA marker gene
profiles (AßHauer et al., 2015; Wang et al., 2020).

2.4  Data statistics and analysis

NO−
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The mean concentration of solute in each treatment was the
average from three reactors. The reaction rate for each solute was
calculated with the input-output concentration difference from
the individual reactor according to Ibánhez and Rocha (2014)
and the mean rate was the average of the three reactors. Accord-
ingly, the statistical errors from the concentration variation
between reactors could not propagate to the reaction rate calcu-
lation and reduce the standard deviation. Positive reaction rates
indicate the production of a specific solute and negative reaction
rates represent a net consumption. To identify the effects of dif-
ferent salinity and input  concentration on reaction rates, the
data were analyzed in Minitab 18 by one-way ANOVA (tested
factor, such as salinity or  input concentration) after check-
ing for normality and homogeneity of variance at a 95% signific-
ance level.

3  Results

3.1  Sediment microbiota
The operational taxonomic units in the sediment were 1 705.

NO−


These operational taxonomic units were identified as more than
10 phyla with the dominant phylum as Protobacteria (Table 1).
Important opportunity phyla included Actinobacteria, Bacteroid-
etes and Firmicutes. Among these phyla, the majority was identi-
fied as heterotrophic and actively involved in the nitrogen, oxid-
ative and sulfur metabolism (Supplementary Fig. S1). At the
class-level, the dominant species was Alpha-proteobacteria
(Table 1). For the microbiota involved in the  biogeochemic-
al processing, the dominant nitrifier in the sediment was Nitroso-
monas and Nitrospira, while potential denitrifiers were mainly
identified as Bacillus, Lactobacillus and Paracoccus (Table 1).

3.2  DO and DOC
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In all the experiments, DO concentrations at the input end-
member were near saturation. After passing through the reactor
cells, DO concentrations markedly decreased (Figs 2a−c). In the
control (i.e., with waters not amended with ), DO concentra-
tions in the outflow varied between 257 and 194 μmol/L. Accord-
ingly, DO consumption rates ranged between 9.2 nmol/cm3 and
15.6 nmol/cm3 sediment per hour with the highest value recor-
ded at intermediate salinity (20). In the remaining treatments,
the addition of  did not significantly influence the DO con-
centration in the outflow. Accordingly, DO consumption rates
among the treatments showed similar distribution along the used
salinity range (p>0.05).

In the control, DOC concentration in the input solutions from

Table 1.   Relative frequency of the top 5 phyla and classes in the sediment microbiota, and at the genus level, five key species were
outlined with regard to N production (nitrification) and removal (denitrification) and their frequency was shown

Phylum Frequency/% Class Frequency/% Genus Frequency/%

Proteobacteria 41.8 Alpha-proteobacteria 16.6 Nitrosomonas 0.02

Actinobacteria 13.6 Gamma-proteobacteria 14.5 Nitrospira 0.04

Firmicutes 9.9 Actinobacteria 11.0 Bacillus 0.05

Bacteroidetes 5.9 Betaproteobacteria 6.2 Lactobacillus 0.01

Acidobacteria 5.1 Bacilli 1.2 Paracoccus 0.01
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Fig. 2.   Concentrations of DO and DOC at both input reservoir and output stream (dot plot) and benthic reaction rates (bar chart) in
the three scenarios simulated: not amended, natural river and seawater (a and d); river water amended with  (b and e) and both
river and seawater amended with  (c and f). Positive rate indicates production while negative rate indicates consumption. “Not”
indicates the control treatment; “river” indicates the river spiked treatment; “both” indicates the treatment where both river water and
seawater received  amendment. Data represent mean±standard deviation.
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360 μmol/L (river water) to 225 μmol/L (seawater). After flowing
through the reactor columns, DOC concentrations increased in
all salinity treatments (Fig. 2d), indicating that permeable sedi-
ments acted as a source of DOC. The highest production rate was
3.0 nmol/(cm3·h) at a salinity of 20. When additional  was in-
troduced into the system, DOC concentrations at the output
stream were also higher than the values obtained at the input
solution (Figs 2e and f). Compared with the control group, the
DOC production rates from the two  spiked treatments were
significantly higher (p<0.05).
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At the output of the control group,  concentrations in-
creased, leading to an active production trend (Fig. 3a). When
river water was spiked with , the sediments (salinity 0 to 30)
shifted to a net sink for  with the most active  removal
occurring at a salinity of 10 (Fig. 3b). In addition, the active 
removal further enhanced the sediment DOC production capab-
ility (Fig. 4a). When maintaining high and similar  concen-
tration levels at all the salinities used (3rd treatment),  re-
duction rates at high salinity markedly increased (Fig. 3c), produ-
cing a linear correlation between  removal rates and salinity
(Fig. 4b). Due to the identical  input concentrations in the
3rd treatment, no clear pattern was found between  reaction
rates and  concentrations (Fig. 4c), while two parabolic lines
were outlined in the 2nd treatment, suggesting the impacts from

 availability on its benthic removal. Coupled with  reac-
tion dynamics, δ15N-  co-varied,  production in the con-
trol group triggered decreases in δ15N-  (Fig. 3d), while the
occurrence of  consumption led to an increase in δ15N-
in all cases (Figs 3e and f).  reaction rates, including produc-
tion and consumption, showed a linear correlation with the
Δδ15N-  (difference in δ15N-  between output and input)
as outlined in Fig. 4d.
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centrations significantly increased (p<0.05) with higher produc-
tion rates in the 10−30 salinity range (Fig. 5a). When exogenous

 was added, the sediments continued to act as a source of
. However, reaction rates dropped (p<0.05), especially in the

intermediate salinity runs (Figs 5b and c). For  in the control,
the sediment was an active producer and concentrations peaked
at salinities of 10 and 20 (Fig. 5d). In contrast, after  addition,

 cycling in the sediments changed. Both  production
and removal were observed, randomly distributed along the sa-
linity gradient. Moreover, the magnitude of reaction rates shrank
(Figs 5e and f).

3.5  SRP
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SRP concentrations in the input endmembers were lower
than 1.2 μmol/L in the control group (Fig. 5g). SRP concentra-
tions at the outflow water dropped, resulting in a net SRP con-
sumption. This SRP consumption tended to remain similar
among the different salinity treatments. Moreover, the addition
of  did not significantly influence SRP removal rates (Figs 5h
and i).

3.6  FDOM
Four FDOM components were identified via PARAFAC mod-

eling of our FDOM dataset. The characteristic excitation and
emission wavelength of each fluorophore are outlined in Table 2.
The first FDOM fluorophore is similar to the spectra of pure tyr-
osine. It corresponds to the so-called Peak B in the Coble nomen-
clature (Coble, 1996) while FDOM Component 2 is similar to the
spectra of pure Tryptophan and corresponds to Peak T (Coble,
1996). They both are associated to labile, low molecular weight,
protein-like FDOM compounds (Stubbins et al., 2014). Their
maximum fluorescence intensities (Fmax) varied between approx-
imately 0.08 to 0.16 R.U. in the input solutions used in all treat-
ments. The ratios between input and output Fmax were frequently
higher than 1 (i.e., net production) along the salinity gradient
employed for both protein-like FDOM components, particularly
pronounced in the case of the intermediate salinity runs (Figs 6a
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Fig.  3.      concentrations  at  both input  reservoir  and output  stream (dot  plot),  as  well  as  reaction rates  (bar  chart)  under
unamended conditions (a),  amended river water (b) and both river and seawater amended with  (c). Figures in bottom
panel present the δ15N-  and the differences in the isotopic composition of nitrate between the input reservoir and the output
stream (Δδ15N- ) under control conditions (d),  amended river water (e) and both river and seawater amended with  (f).
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NO−
and b). In the experiments amended with , the input-output

balance was also frequently higher than 1, especially in the salin-
ity range of 10 to 30.

NO−


NO−


The other two FDOM components identified through PARA-
FAC modelling of our dataset correspond to two types of recalcit-
rant FDOM, terrestrial humic (Peak C) and microbial humic-like
FDOM fluorophores (Peak M; Coble, 1996). These corresponds to
high molecular weight, complex humic and fulvic substances of
low degradability (Stubbins et al., 2014). In our experiment, both
humic-like components showed that the sediment acted always
as a source of these compounds to the circulating porewater (Figs 6c
and d). Under low  concentrations in the circulating porewa-
ter (control treatment), maximum production of these FDOM
components was verified at intermediate salinities, similar to the
two protein-like FDOM components. Nevertheless, when high
with  concentrations were presented (i.e., at low salinities in
the 2nd treatment and in the entire 3rd treatment), an enhance-
ment in the production of the two humic-like FDOM compon-
ents is observed (Figs 6c and d).

4  Discussion

4.1  Reaction rates obtained with FTRs in permeable sediment
studies
FTRs are powerful tools to investigate biogeochemical reac-

tions in permeable sediments under the 1-D advection condition.
Still, porewater transport processes in FTRs are not directly com-
parable with fluid circulation in “real world” conditions. Specific-
ally, in natural environments, solute transport between per-
meable sediments and overlying water is largely dependent on

advection resulting from the pressure gradient caused by waves,
current interaction with topography, tide or piezometric head
among other process (Rocha, 2008). The advection rate thus is
variable in time but also spatially, as the interfacial flow direction
at any point is controlled by the local permeability tensor (Rocha
et al., 2005). Due to the tight coupling among reaction rates and
advective transport in permeable sediments (Rocha, 2008;
Ibánhez et al., 2011; Huettel et al., 2014), direct extrapolation of
reaction kinetics and relationships between biogeochemical
transformations and environmental variables obtained with FTR
experiments requires a “double-check” via a data comparison.

NO−
DO,  and SRP reaction rates obtained in this study are

comparable to others previously published FTR studies or simu-
lation results. In the current research, DO consumption rates
ranged from 92 nmol/(cm2·h) to 156 nmol/(cm2·h) for the entire
sediment column (10 cm sediment column). These values are in
the range of those obtained in different marine permeable sedi-
ments such as those found by Ibánhez and Rocha (2016) in the
Ria Formosa Lagoon using the FTR technique (56 nmol/(cm2·h)
to 168 nmol/(cm2·h), according to O2) and Rao et al. (2007) in
sediments from the South Atlantic Bight using a series of 15.8 cm
length of FTRs (86.9 nmol/(cm2·h) to 240 nmol/(cm2·h), accord-
ing to O2). These are also comparable to the benthic chamber in-
cubations in the German Bight using (120 nmol/(cm2·h) to
160 nmol/(cm2·h), according to O2; Janssen et al., 2005).

NO−
Present results for  production rates (0.4 nmol/(cm2·h) to

21 nmol/(cm2·h) for the 10 cm sediment column) are also com-
parable to a series of incubation experiments targeting per-
meable sediments, such as nitrification rate estimates in the Ria
Formosa Lagoon (7.0 nmol/(cm2·h) to 10.4 nmol/(cm2·h);
Ibánhez and Rocha, 2017) and the German Bight (2.2 nmol/(cm2·h)
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NO−


NO−


to 9.4 nmol/(cm2·h); Marchant et al., 2016). In terms of the 
reduction rates, our results (9.8 nmol/(cm2·h) to 48 nmol/(cm2·h))
are comparable to those obtained by Jiang et al.  (2018a)
(7.0 nmol/(cm2·h) to 68 nmol/(cm2·h)) who applied similar in-
put  concentrations in FTR experiments run with Ria For-
mosa sediments. The rapid removal of SRP in the test sediments
also agrees well with several publications on SRP sorption dy-
namics in sandy coastal sediments (e.g., Leote et al., 2013; Yang
et al., 2018).

NO−
4.2  Benthic  reactivity along the salinity gradient

NO−


NO−
 NO−



NO−


NO−


NO−


NO−


 production and reduction showed significantly distinct
rates among the three treatments tested in our experiments (con-
trol, river water amended with  and all amended with ).
The net  production observed in the control treatment sug-
gests the dominance of nitrification over  reduction, likely
due to the low levels of  and DO saturation imposed in the
input solutions. This is generally observed in pristine (  un-

NO−


NO−


NO−


NO−


NO−


NO−


polluted) estuaries in remote regions (Seitzinger, 1987; Jiang et
al., 2019). The intensity of net  production changed along the
salinity gradient imposed, with a clear accumulation of both 
and  at intermediate salinities (~20, Figs 3a and 5d). Coupled
with enhanced  production at intermediate salinities, δ15N-

 decreased, indicating the occurrence of enhanced nitrifica-
tion (Marchant et al., 2016). Similar enhanced  production at
intermediate salinities were found by Zhou et al. (2017) and
Magalhães et al. (2005) in benthic habitats.

NH+


NO−


NH+


NH+


In the control, , i.e., the substrate for nitrification, did not
show consumption rates equivalent to the net  production
observed. Hence, the studied permeable sediments acted as a
source of . In permeable sediments, several sources might
be contributors to the porewater  pool. N fixation, mediated
by benthic microbiota, including a wide range of Alpha-proteo-
bacteria (Dekas et al., 2018), should be considered as an import-
ant contributor (outlined in Fig. 7). Notably, carbon supply has
been frequently found to be a pivotal factor for fixation activity
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Fig. 5.   Concentrations of  and  at both input reservoir and output stream (dot plot), as well as reaction rates (bar chart)
under unamended conditions (a and d),  amended river water (b and e) and both river and seawater amended with  (c and f).
Concentrations of SRP at both input and output members (dot plot) and its reaction rates (bar chart) under unamended condition (g),
spiked river (h) and both river and seawater amended with  (i). Data represent mean±standard deviation.

Table 2.   Excitation and emission peaks obtained using PARAFFAC for each FDOM component in the present study and relative
concentrations of each solute for the input water in river water and seawater (the identification of these FDOM solutes was completed
via comparison with a series of publications listed in the table)

Solute Excitation peak/nm Emission peak/nm
Relative concentration/R.U.

River water Sea water

Tyrosine 235 320 0.16±0.02 0.09±0.01

Tryptophan 235 350 0.19±0.01 0.08±0.01

Terrestrial humic 255 460 0.24±0.02 0.05±0.01

Microbial humic 230 430 0.09±0.01 0.04±0.01
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NH+
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NH+
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NO−
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(Changjiang River Estuary, Hou et al., 2018; Hydrate Ridge, De-
kas et al., 2018). In the present study, the sediment organic mat-
ter was limited due to the nature of the “sands” and the input
solution was oligotrophic, indicating that N fixation via Alpha-
proteobacteria was depressed.  desorption from the sedi-
ments due to changes in the partition coefficient induced by
varying salinity (Ibánhez and Rocha, 2017) also impacts porewa-
ter  levels, while this effect might be minimized in the incub-
ation period, due to 12 h FTR stabilization prior to the sample
collection. Accordingly, the main source of  feeding nitrifica-
tion should be that produced through mineralization and am-
monification. Considering that DOC and labile FDOM were not
consumed in the different treatments, sedimentary organic mat-
ter (SOM) seemed to be the main carbon source to support the
intensive oxidative metabolism (Supplementary Fig. S1), espe-
cially aerobic respiration. This agreed with the observation of Ji-
ang et al. (2018a) and Ibánhez and Rocha (2014), who found that,
despite low SOM levels in permeable sediments of Ria Formosa,
these acted as net sources of DOC. During SOM decomposition
via heterotrophic processes, organic N is mineralized into inor-
ganic fractions and these products can be nitrified (outlined in
Fig. 7). Such reaction chain leads to the coupling of SOM aerobic
mineralization and nitrification in benthic environments, as out-
lined by the DOC production and nitrification rate in Fig. 4a. The
decrease of δ15N-  reinforces the occurrence of active nitrific-
ation in the 1st treatment. According to the intensive require-
ment (first-order kinetics) on the substrate availability in benthic
nitrifiers (Ibánhez and Rocha, 2017), it is not surprising to find
the pattern that high reaction rate of nitrification at intermediate
salinities in the control treatment is obtained. This reaction peak
is in line with results from experiments run by Chambers et al.

NH+


NH+


NH+


(2013), who also show nitrification is stimulated at intermediate
salinities. Moreover, salinity increase leads to a reduction of 
adsorption potentials of estuarine sediments (Weston et al.,
2010), indicating that  produced from mineralization or

 adsorbed on sand particles could be more rapidly available
for nitrification.

The variability of nitrification rates under different salinities
may also result from the composition of the nitrifier microbial
community. Two types of nitrifiers, ammonia-oxidizing Archaea
(AOA) and ammonia-oxidizing Bacteria (AOB) have been identi-
fied in coastal sediments (Bernhard and Bollmann, 2010). In the
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Fig. 6.   Comparison on the relative intensities of the four FDOM components identified through PARAFAC analysis between the input
reservoir and the output stream under the three experimental scenarios: a. tyrosine-like FDOM component; b. tryptophan-like FDOM
component; c. terrestrial humic-like FDOM; d. marine bacterial humic-like FDOM. C indicates concentration, the dash line indicates
the ratio of 1 (input = output).
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Fig. 7.   Sketch for the DIN removal and addition along the salin-
ity gradient coupled with river-sea mixing. It highlights the po-
tential reaction pathways and reaction intensity peaks. SOM, sed-
imentary organic matter.
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NO−


collected sediment, AOB was the dominant nitrifier in sediments
with high-abundance Nitrosomonas and Nitrospira (Table 1). Sa-
linity preferences have widely been identified in both nitrifiers.
For instance, Nitrospira showed a great abundance at salinity of
3.4 along Chinese tidal flat wetlands (Sun et al., 2020). Jones and
Hood (1980) isolated Nitrosomonas strains from the salt marsh at
Lac des Allemands, USA that showed an activity peak at salinity 6
to 10. Wang and Gu (2014) revealed that the growth of Nitroso-
monas strains in mangrove sediments (Mai Po Nature Reserve)
was stimulated by saltwater (salinity, 20). Although there exist
differences in the microbial community composition between
sites, these observed salinity-preference patterns suggest that ni-
trification rates in coastal sediments are likely to occur at increas-
ing salinity in the mixing gradient between fresh and seawater
and peak at the medium salinity (brackish environment). During
the short-term incubation, the variation of microbial community
in the sediment was assumed to be limited (Mariotti et al., 1981),
supported by the linear correlation between δ15N-  and reac-
tion rates (Fig. 4d). Alternatively, the salinity induced microbial
activity variation is deemed to be responsible for the reaction in-
tensity change.

NO−


NO−


NO−
 NO−



NO−


NO−


NO−


NO−
 NO−



NO−


NO−


NO−


NO−


When external  was introduced into the system, the bal-
ance between  production and removal in the studied per-
meable sediment markedly changed, shifting to a net sink for

. Furthermore, compared to the control treatment,  in
the porewater sustained at low-level, indicating a rapid trans-
formation for nitrogen oxides in the sediment. However, the pro-
duction/reduction of  in the 2nd and 3rd treatments along
the salinity gradient was markedly different, suggesting over-
lapped influences from both salinity and  concentration
changes. With an identical  input throughout the salinities
used (3rd treatment),  removal rates peaked and δ15N-
enrichment in the highest salinity scenario (Figs 3c and f). In the
benthic environment, though the presence of Anammox, denitri-
fication is assumed to be the major contributor of  removal,
especially in the aerobic condition (Burgin and Hamilton, 2007).
In the present study, a high abundance of potential denitrifers in
the sediment was observed, while microbial carriers for Anam-
mox (e.g., Pirellula and Planctomyces) were not obtained (Table 1).
Additionally, the combination of increased δ15N-  and high

 removal rates (Fig. 4d) reinforces the presence of dominant
removal reaction, i.e., denitrification here, for the  concen-
tration decreases (Granger et al., 2008).

NO−


NO−


NO−


In previous research, positive relationships between salinity
and benthic denitrification or  reduction were observed
(Laverman et al., 2007; Marks et al., 2016; Zhou et al., 2017). The
denitrification process can be conducted by a wide range of bac-
teria. These bacteria have distinct salinity preferences (Santoro et
al., 2006). The bacteria frequently observed in the marine envir-
onment, e.g. Pseudomonas sp. and Marinobacter sp. (Yoshie et
al., 2004), are still functional in the freshwater environment
(Yoshie et al., 2004; Miao et al., 2015), while the inverse trend
might not be as likely because of the high osmotic pressure in the
saline environment. In wastewater treatment reactors, Bacillus
and Paracoccus were frequently observed and showed higher
activity with increasing salinity (Silva et al., 2018). Moreover, Ba-
cillus was frequently isolated in marine environments, such as
shrimp culture ponds (Song et al., 2011). Additionally, at the time
of sediment collection during the present study, the salinity of the
overlying water in the sampling site was 34 (high tide) and 31.5
(low tide). Thus, it would not be surprising to observe the highest

 consumption rate in the most saline treatment when
amended with .

NO−


NO−


NO−


NO−


NO−


NO−


NO−


NO−


NO−
 NO−



NO−


NO−


NO−


NO−


In freshwater ecosystems, such as rivers and groundwater,
widespread anthropogenic enrichment of  due to the intens-
ive application of chemical fertilizers, sewage discharge, and ma-
nure disposal is observed (Galloway et al., 2014). The mixing
between freshwater and seawater in the coastal zone can pro-
duce large spatial and temporal gradients in both salinity and

 concentration. Under such circumstance, the peak of deni-
trification occurred in the intermediate salinity (Fig. 4b), out-
lined by the 2nd treatment. Given the strong reaction potential in
the saline environment, the occurrence of this peak indicates the
balance between  supply and salinity. In low salinity waters,
because the  supply was sufficient (>60 μmol/L here; five
times higher than the riverine  concentration, Fig. 3b), salin-
ity mediated bacterial activity was the dominant factor con-
trolling  removal rates, producing a negative correlation
between  concentration and denitrification rate (Fig. 4c).
Under high salinity conditions, the dilution from a large portion
of oligotrophic seawater decreases  concentration. As a reac-
tion strictly driven by the substrate availability, the significant re-
quirement of  from denitrifiers and the constraint of  on
denitrification rate has been determined via in situ observation
(seepage face; Ibánhez et al., 2011), simulation experiments
(FTRs; Jiang et al., 2018a), as well as denitrifier-inoculated react-
ors (Jafari et al., 2015). Moreover, in laboratory culture, nitrate re-
ductase in Bacillus (potential denitrifier at our site) was also
proved to be activated by high-level  in culture solution
(Schulp and Stouthamer, 1970). Accordingly, it can be deduced
that sediment denitrification processes at high salinity from the
2nd treatment was constrained by  supplies due to seawater
dilution, especially compared to the highest  consumption
rate measurement when seawater was spiked with  (3rd
treatment).

NO−


NO−


NO−


NO−


NO−


NO−


NO−


NO−


In coastal zones, this trend can be a key factor in understand-
ing the modulation of land-derived  conducted through per-
meable sediments (transformation pathways outlined in Fig. 7).
In oligotrophic environments, permeable sediments continu-
ously provide  into the overlying water via organic matter
mineralization and nitrification, which can be used by primary
producers. Enhanced  loading from human activities stimu-
lates sediment denitrification and initiates the role of “
cleaner”. This balance between these contrasting roles in benthic
sediments may help the coastal system maintain primary pro-
ductivity and ecological stability, acting as a “nutrient modulat-
or” (Huettel et al., 2014). Moreover, compared to the rapid shift
in the role played in the  processing, the preferential salinity
of sediment microbial community was stable in a short temporal
scale (3rd treatment). It suggests that environmental stresses in
coastal systems result from the coupling of intensive  load-
ing and fresh water discharge (triggered by weather extremes,
such as floods in the upper stream driven by storms) and might
exceed the  removal capability deduced from saline environ-
ments. Consequently, a significant fraction of redundant 
might temporally escape from the benthic sediment and transfer
into the food web, triggering unexpected ecological issues. This
potential input-feedback loop deserves more attention from a
coastal management perspective, especially in the handling of
weather extremes.

NO−
4.3  Benthic coupling among , SRP and organic matter pro-

cessing
NO−

Notably, in the present study,  removal occurred in over-
all oxic conditions, indicating that denitrifiers rely on mi-
croniches on the surface of the sediment particles (Jiang et al.,
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2018a). Coupled with  reduction, SOM was continuously de-
composed, releasing additional DOC fractions (linear regression
in Fig. 4a) such as humic-FDOM solutes into the porewater when
compared with the control treatment (Figs 6c and d). This obser-
vation agrees well with FTR experiments conducted with sedi-
ments from the Ria Formosa Lagoon (Ibánhez and Rocha, 2014),
where the addition of  to the circulating porewater en-
hanced DOC and humic-like FDOM production. In their experi-
ments, SOM was characterized by a relatively high C:N concen-
tration ratio, similar to that found in our sampling site (C:N=15),
which together with low standing stocks of SOM explains the ob-
served C limitation of the microbial community of Ria Formosa
permeable sediments (Ibánhez and Rocha, 2014). Nevertheless,
enhanced humic-like FDOM production, linked to active organic
matter degradation, after  addition to the porewater suggest
that the microbial community was also N limited. Thus, as in our
case,  addition increases the capacity of the microbial com-
munity to process SOM thus favoring heterotrophic processes.

Coupled with the active metabolism functions (Supplement-
ary Fig. S1), especially benthic mineralization and denitrification,
that continuously consume SOM, release of SRP into the porewa-
ter should be observed in all treatments. In addition, increasing
salinity potentially benefits the SRP desorption process because
of enhanced ion exchanges on the particle surface. However, low
SRP concentrations and the related net consumption are found
in the outflow, regardless of salinity and DO consumption rates.
Considering that primary production in the sediments was elim-
inated by imposing dark conditions and that oxic conditions
were imposed, SRP adsorption on the sandy sediment particles
due to the presence of metal oxidants, such as iron and man-
ganese, was deemed to be responsible for the observed SRP con-
centration decline (Yang et al., 2018). In fact, inorganic P content
in the tested sediment was higher than the concentration of sedi-
mentary N, which was contrary to the Redfield ratio (N:P=16:1).
This reinforces the strong SRP adsorption capability of coastal
sediments on overlying water or porewater (Jiang et al., 2018b).
In marine environments, the stoichiometric balance between N
and P is a key for the phytoplankton community structure (Lin et
al., 2020). Our results show that under oxic conditions, per-
meable sediments from the Dublin Bay may increase the N:P ra-
tio in the outflow relative to the Redfield ratio, potentially driving
the system to P-limitation. This change might induce phyto-
plankton community shift from the diatom-dominance to dino-
flagellate-dominance due to the weak N competition capability of
diatoms (Rocha et al., 2002), particularly together with the vari-
ation in water temperature (Li et al., 2011). Generally, diatoms
are the most important primary supplier in the food web and dir-
ectly contribute to filter feeding fish and shellfish populations. In
comparison, dinoflagellates are an unfavored food source for
high-level consumers due to toxin defensiveness (Verma et al.,
2019). Therefore, long-term P adsorption in permeable sedi-
ments during the porewater exchange might lead to ecological
pressures. In addition, when redox conditions change (aerobic to
anaerobic), adsorbed P in the permeable sediments would be re-
leased into the overlying water (Jiang et al., 2018b), potentially
driving the system to N limitation. Such shift between N and P
limitation caused by permeable sediments could be of extreme
importance for the biological structure of shallow coastal waters.

5  Conclusions
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The present study focused on biogeochemical reaction rates
(mainly denitrification and nitrification) in permeable sediments
subject to different salinities and initial  concentrations. At
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low  availability, net  production and decreases in δ15N-
 occurred in the test sediments throughout the used salinity

gradient. The peak of  production, resulting from nitrifi-
caiton, was found at an intermediate salinity (10), likely due to
enhanced mineralization of SOM and active ammonification at
this aerobic environment. When additional  was introduced
into the river water while seawater remained unchanged, per-
meable sediments turned into a sink for , mainly due to
stimulated denitrification (likely carried out by Bacillus, Lactoba-
cillus and Paracoccus), suggesting that denitrification in the per-
meable coastal sediment was constrained by  availability.
This hypothesis was testified in the 3rd treatment. Both  con-
sumption rates and δ15N-  at the output peaked in the most
saline water when  availability was constant along the salin-
ity gradient. The salinity preference of local denitrifiers may be
the main reason for the peak of removal. The reaction balance
between  addition and removal in permeable sediments can
modulate  concentrations in shallow coastal waters, exert-
ing control over the biomass of primary producers. In contrast to
the variable  turnover, permeable sediments acted as a sink
for SRP regardless of  availability, likely due to adsorption
under the imposed aerobic conditions. This relatively high stor-
age of SRP within the sediment may be released if redox poten-
tial in the overlying water changes, and this factor deserves more
attention from coastal managers and other stakeholders.
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